ABSTRACT: No-take marine reserves are expected to enhance coral reef resilience indirectly through suppression of algal growth and thus maintenance of coral dominance. The mechanism of such enhancement is protection of functionally important herbivorous fishes from harvest. We provide indirect (inferred) evidence of reserves performing this role. We used data on herbivorous fishes, macroalgae and corals collected at one point in time in 15 reserves (range of duration of protection: 0.5 to 11 yr) and at 15 fished sites in the Philippines. Results inferred a 9-and 15-fold increase in density and biomass, respectively, of herbivorous fishes, which coincided with a 13-fold decrease in macroalgal cover inside reserves after 11 yr of protection. The inferred decline in macroalgal cover was more rapid during the first 5 yr of protection. No significant trends in fish abundance or macroalgal cover were detected among fished sites. Biomass of herbivorous fishes was 8 times higher, and cover of macroalgae 25 times lower, on average, inside older (8 to 11 yr) reserves than at fished sites. Parrotfishes (Scaridae) and surgeonfishes (Acanthuridae) had markedly different inferred trajectories of population recovery. Recovery of parrotfish was more rapid than that of surgeonfish in the first 5 yr of protection, suggesting that the functional role of parrotfish was important in reducing macroalgal cover. The inferred relationships of hard coral cover with duration of reserve protection and with herbivore biomass were non-significant. Even at fished sites, coral cover (mostly > 25%) was much higher than macrolgal cover (mostly <15%). Thus, there was no evidence that the current levels of fishing of herbivores on these reefs have led to 'benthic phase shifts'.
INTRODUCTION
Coral reefs worldwide have suffered extensive degradation throughout human history, due to the direct and indirect effects of overfishing and land-based human activities (Jackson et al. 2001 , Pandolfi et al. 2003 . More recently, global climate change has amplified threats to coral reefs by causing episodes of coral bleaching, which impact reefs at regional scales (Hoegh-Guldberg 1999 . On many reefs, reduced herbivory due to overfishing, destructive fishing, excess nutrients, coral bleaching and disease outbreaks have impaired the capacity of corals to recover, resulting in coral reefs dominated by algae (Hughes 1994 , Wilkinson 2008 , Graham et al. 2006 . As a consequence, algal-dominated reefs provide less ecosystem goods and services to humans than healthy coral reefs (Moberg & Folke 1999) .
No-take marine reserves, or areas permanently closed to fishing, have become an increasingly popular approach to managing coral reefs, especially in poorer countries where few reef management options are feasible , Sale et al. 2005 . Although they are not a panacea to the problems faced by coral reefs, reserves are expected to increase resilience of reefs (i.e. the ability of reefs to withstand recurrent disturbances and to rebuild coral-dominated systems; Hughes et al. 2007 ) by allowing recovery of overfished herbivore populations (Pinnegar et al. 2000 , Micheli et al. 2004 , Bellwood et al. 2004 . Increased density, biomass and diversity of exploited species within reserves has been demonstrated many times (Roberts & Hawkins 2000 , Halpern 2003 . Moreover, reserves are expected to benefit areas beyond their boundaries by becoming net exporters of adults and juveniles of target species , Gell & Roberts 2003 , Sale et al. 2005 .
A few field studies have shown evidence of reduced macroalgal cover associated with increases in herbivore abundance in reserves and fisheries management zones (McClanahan et al. 2001 , Williams & Polunin 2001 , Mumby et al. 2006 . No studies have demonstrated that enhanced grazing on macroalgae due to recovery of reef herbivores inside reserves can facilitate coral recovery. It is not clear whether coral recovery is an inevitable outcome of reduction of macroalgal cover by herbivores (Newman et al. 2006 , Mumby et al. 2007 . Interactions between reef herbivores, macroalgae and corals are complex, and the expected outcomes of these interactions may be modified by disturbances (McCook et al. 2001 , Ledlie et al. 2007 , Mumby et al. 2007 .
The majority of studies on the interaction of herbivore and algal community dynamics within marine reserves have been done in the Caribbean and in Kenya. Except for the field experiment by Hughes et al. (2007) in a no-take zone on an inshore island fringing reef of Australia's Great Barrier Reef, no other example of the relationship between herbivores, algae and corals within reserves is available in the western Pacific, where coral reef biodiversity is highest (Veron 2000 , Carpenter & Springer 2005 . While greater species diversity may not necessarily enhance reef resilience (but see Burkepile & Hay 2008) , there is emerging consensus that greater functional diversity does (Nyström 2006) . Bellwood et al. (2004) argued that reefs in the western Pacific have a higher degree of 'ecological insurance' than reefs in the Caribbean because of higher functional diversity. However, reefs in the western Pacific, especially in Southeast Asia, are also some of the most damaged by human activities. The few remaining reefs in good condition in this region are still at high risk of further degradation (Gomez et al. 1994 , McManus 1997 , Burke et al. 2002 , Wilkinson 2008 . More investigations into herbivore-algal community dynamics within marine reserves in the western Pacific are thus warranted.
Can greater abundance of herbivorous fish in notake marine reserves reduce algal cover and therefore promote recovery of corals? Here we show indirect evidence that reserves can reduce macroalgal cover, by examining data on abundance of herbivorous reef fishes and benthic attributes inside and outside reserves that have been protected from fishing for 0.5 to 11 yr. Using data from 1-point-in-time assessments of fish populations and benthic communities in reserves of different ages and at control sites open to fishing, we inferred the dynamics of herbivorous fish, macroalgae (fleshy algae and erect calcareous algae) and coral communities. Table 1 for descriptions. Reserves had at least 1 nearby fished site that was surveyed at the time the reserve was surveyed; exceptions to this were Tandayag and the 3 reserves in Dauin municipality (see 'Materials and methods')
MATERIALS AND METHODS
Study sites. We studied 15 no-take marine reserves and 15 fished sites (controls) on fringing reefs along large islands located in the central Philippines (Fig. 1 , Table 1 ). The sites were distributed among 8 municipalities in 4 provinces. The reserves were relatively small (6 to 30 ha) and were managed by local communities (see . All reserves had an adjacent fished site that was also surveyed, except for Tandayag and the 3 reserves in the municipality of Dauin (where reserves occupied most of the town's reef area). Adjacent fished sites were typically < 500 m away from the reserve. Of the 11 reserves that had an adjacent fished site, 7 (3, 4, 6, 7, 9, 11, 15; Fig. 1 , Table 1 ) were situated on the same stretch of continuous reef as the adjacent fished site and 4 (1, 2, 5, 13) had their adjacent fished site located on a separate patch of reef. In addition to the control sites adjacent to reserves, additional fished sites within 2 km of the reserve were also surveyed for 2 reserves (Baobaon and Andulay). Typical of many reefs in the Philippines, the reserve sites prior to protection, 7.5 ± 0.9 13.5 ± 2.9 52.8 ± 4.5 Adjacent site 4.0 ± 0.9 12.2 ± 1.9 8.7 ± 2.2 5. Bio-os, Amlan 1999 3 9 5.9 ± 0.9 2.2 ± 0.9 39.8 ± 4.3 Takot Dako 8.6 ± 1.7 11.7 ± 2.6 32.7 ± 3.90 6. Andulay, Siaton 1993 4 6 14.3 ± 4.5 1.7 ± 0.5 37.3 ± 3.9 Adjacent site 7.1 ± 2.1 06.0 ± 2.7 30.0 ± 2.90 Tongo Pt.
3.5 ± 1.7 17.8 ± 1.0 5.7 ± 2.0 Kuku's Nest 7.9 ± 3.4 26.2 ± 0.5 36.8 ± 2.90 Antulang 3.5 ± 1.6 06.5 ± 1.0 29. Overall 15.7 ± 1.60 3.8 ± 1.2 37.9 ± 4.4 3.9 ± 0.5 12.7 ± 1.9 31.7 ± 4.20 Table 1 . Reserve and fished sites surveyed in the present study and their mean (± SE) herbivore biomass, macroalgal cover and coral cover. YE: year when reserve was established; DOP: duration of protection of the reserve when surveys were done. Protection of 4 reserves (Bio-os, Andulay, Tandayag and Bongalonan) was not constant; hence, DOP values for these reserves were equal to the number of consecutive years of effective protection prior to the year of survey. Adjacent fished sites were typically < 500 m away from the reserve. Other fished sites were < 2 km from the reserve and all of the fished sites surveyed, were heavily fished by fishers exploiting a wide range of species using a variety of fishing gears (Alcala & Russ 2002) . During site selection, care was taken to ensure that fished sites had habitats that were as similar as possible to nearby reserve sites. Durations of protection (DOP) when reserves were surveyed ranged from 6 mo to 11 yr. All reserves were well protected since their establishment, except for 4 reserves (Tandayag, Bio-os, Bongalonan and Andulay). For these 4, DOP was equal to the number of consecutive years of effective protection (i.e. maintenance of 'no-take' status with minimal poaching) prior to the year when the reserve was surveyed. Estimates of DOP for these 4 reserves were determined with the help of information from locals. Poaching in all reserves during years of effective protection was probably minimal, as there were only infrequent reports of such incidents from locals. Surveys of reef fish and benthic composition. Visual census of reef fishes was carried out by 1 diver (B. Stockwell) inside and outside marine reserves along 50 m × 10 m transects (500 m 2 area transect -1
). Surveys were done on 3 transects along the reef slope (depth of 10 to 12 m) and 3 transects along the reef flat (depth of 2 to 3 m), resulting in 6 replicate transects per study site or 180 transects surveyed for the entire study. Adults and juveniles of all non-cryptic, diurnally active reef fish species were counted, and their total body length (TL) was estimated to the nearest centimetre. Fishes appeared to be the dominant herbivores at all sites. Sea urchins were not recorded because they were rare, especially on the reef slope. Benthic composition was estimated along the same transects used in the fish visual census by recording the type of substrate at every 0.5 m point intercepted by the 50 m long transect (100 points transect -1 ). Substrate types included hard corals, macroalgae, soft corals, crustose coralline algae, dead coral, rock, sand and other sessile invertebrates (e.g. sponges, clams, etc.). Macroalgae included all fleshy brown algae (of the genera Sargassum, Turbinaria, Dictyota, Hormophysa), green algae (Caulerpa, Enteromorpha, Ulva) and red algae (Eucheuma, Kappaphycus, Gracilaria) , as well as erect calcareous algae belonging to the genera Halimeda and Padina. However, all fleshy algae and erect calcareous algae were recorded under a single category (macroalgae [MA] ) during the survey. Mean reef steepness and rugosity were estimated visually according to a 5-point scale for every 10 × 10 m area along the transects (see Russ et al. 2005) . The main objective of the fish and benthic surveys was to monitor and compare fish biomass and coral cover inside versus outside reserves and not specifically to investigate relationships between herbivorous fish and macroalgal communities. Surveys were conducted between February 2006 and May 2008.
Data analyses.
Analyses of the fish community data were limited to 47 species of larger-bodied herbivores belonging to 5 families: the surgeonfishes (Acanthuridae), parrotfishes (Scaridae), rabbitfishes (Siganidae), rudderfishes (Kyphosidae) and batfishes (Ephippidae) ( Table 2 ). These herbivores were further classified into 4 functional groups: scrapers (shallow bites that only remove material from the surface), excavators (deep bites that remove portions of the substratum), browsers (feed on portions of plants, mostly macroscopic algae) and grazers (feed on the entire plant, mostly algal turfs). Classification of all species into functional groups was based on primary literature (Bellwood & Choat 1990 , Clements & Choat 1995 , except for batfishes (2 species), the classifications of which followed FishBase (Froese & Pauly 2003) . Smaller-bodied herbivorous species -e.g. damselfishes (Pomacentridae), and angelfishes (Pomacanthidae) in the genus Centropyge) -that were unlikely to benefit from reserve protection because they are not targeted by fishers, were excluded. Biomass of herbivores was estimated using length-weight relationships available from FishBase (Froese & Pauly 2003) . When the length-weight relationship for a species was unknown, the relationship available for a closely related species was used.
Benthic habitat for each site was described as percent cover of each substrate type, which was equivalent to the number of points recorded per substrate type along each transect (since there were 100 points per transect). In addition, benthic habitat for each site was described as a single habitat complexity index (HCI) modified from a study done in the same region (Abesamis et al. 2006) : HCI = (mean rugosity + 1) × (hard coral cover + 1). For this index, coral cover was expressed as a proportion (0 to 1), with 100% cover = 1. This index ranges from 1 to 10. Higher values indicated reefs with high hard coral cover and rugosity. Lower values indicated relatively flat expanses of sand, rubble, or rock with low hard coral cover. The original HCI proposed by Abesamis et al. (2006) included values for mean reef steepness and ranged from 1 to 50. In the present study, mean reef steepness was excluded in the computation of HCI, since all sites were inshore reefs with very gradual reef slopes.
We inferred changes in the herbivore fish community by plotting density, biomass and species richness of fish groups in reserves and fished sites against duration of reserve protection. The same was done for percent cover of each benthic substrate type and HCI to infer changes in benthic habitat. In analysing data from fished sites, we used the duration of protection values of their respective neighbouring reserve. Analyses of percent cover data focused on macroalgae and hard corals. Inferred changes in these benthic components Table 2 . Species list and mean biomass (kg per 500 m 2 ) of all herbivorous fishes recorded in each of the 15 no-take marine reserves and fished sites. Data from fished sites were pooled. DOP: duration of protection; FG: functional group; B: browser; E: excavator; S: scraper; G: Grazer; in parentheses: reserve number (see Table 1) were validated by examining trends in percent cover of hard substrate colonisable by algae and corals (i.e. the sum of percent cover of bare rock and dead coral), soft corals, crustose coralline algae and sponges. We also plotted percent macroalgal cover and percent hard coral cover (separately) against herbivore biomass values from all sites. This was done to validate inferred relationships of macroalgal cover and hard coral cover with duration of reserve protection.
Inferred recovery of herbivorous fish inside reserves was expected to conform to at least 1 of 4 possible models: linear, exponential, s-curve and Ricker. A linear model would suggest recovery at a constant rate without limits. An exponential model would suggest accelerated recovery without limit. The s-curve would indicate an initial phase of rapid recovery before slowing down as abundance approaches carrying capacity. The Ricker model would best describe a 'domeshaped' recovery trajectory that declines at longer durations of protection, possibly due to increased competition with slow-recovering species or due to predation by slow-recovering predators. Inferred decline of macroalgal cover with increasing duration of reserve protection or herbivore biomass was hypothesized to conform to a linear model (declining at a constant rate) or a logarithmic model (declining at an accelerated rate). Inferred increase of hard coral cover with increasing duration of reserve protection or herbivore biomass was assumed to conform to a linear model, due to slow growth of corals and the relatively short time frame of reserve protection considered (maximum 11 yr). Fitting of linear, exponential, s-curve and logarithmic models was performed in SPSS. Fitting of Ricker models was performed in MATLAB. The model selected was that with the highest r 2 value. Statistical comparisons of herbivore density, biomass, macroalgal cover and coral cover at the reserve and fished sites were made separately with a univariate 2-factor ANOVA. The 2 factors in these analyses were a fixed factor Protection status (2 levels: Reserve vs. Fished) and a random factor Duration of protection (11 levels ranging from 0.5 to 11 yr). For total density, total biomass, parrotfish biomass and surgeonfish biomass, a 2-factor ANCOVA was also performed with HCI as the covariate in order to examine whether habitat was a significant predictor of fish biomass. Post hoc analyses using Tukey's test were made to infer the year of protection at the first significant difference in total herbivore biomass between reserve and fished sites (Zar 1999) . Prior to statistical analyses, density and bio- mass values were log (x + 1) transformed, while percent cover values were arcsine transformed. Principal components analyses (PCA) were used to infer changes in the biomass composition of fish families or functional groups in relation to the duration of reserve protection. Log (x + 1) transformed biomass values of each family or functional group within reserve and fished sites were used. Reserves were classified into 3 arbitrarily defined age groups: younger (0.5 to 4 yr), intermediate (5 to 7 yr) and older (8 to 11 yr). PCAs were run in PRIMER V6 software (Clark & Gorley 2006) .
Size frequency histograms of parrotfishes and surgeonfishes were generated using 10 size classes in 5 cm increments (1 to 50 cm TL). Histograms were generated separately for reserves grouped into the same arbitrarily defined age groups as in the PCA. Histograms were also generated for fished sites (data from all fished sites pooled). For surgeonfishes, larger-bodied species (Acanthurus spp. and Naso spp.) were distinguished from smaller-bodied species (Zebrasoma scopas and Z. velliferum) within the same histogram. Raw data were converted to percent composition.
RESULTS
Total density and biomass of herbivorous fish in reserves had positive relationships with duration of reserve protection (Fig. 2) . The inferred increase in density conformed to an s-curve model, with a rapid increase in density in the first 3 yr of reserve protection, tending to asymptote in succeeding years at about 40 to 45 fish 500 m -2 (Fig. 2a , Table 3 ). The inferred increase in biomass was best described by an exponential model (Fig. 2b, Table 3 ). Total density and biomass in reserves were inferred to have increased by a factor of 9 and 15, respectively, over 11 yr of protection. In contrast, total density and biomass of herbivorous fish at fished sites did not exhibit any significant trends (Fig. 2a,b, Table 3 ). A highly significant interaction between protection status and duration of protection was detected for herbivore biomass (ANOVA; taken into account as the covariate in the ANCOVA (Table 4) . HCI was not a significant predictor of biomass. Furthermore, HCI varied among sites and did not have any significant relationship with duration of protection (Table 3) . Herbivore biomass started to differ significantly between reserve and fished sites beginning at 1 yr of reserve protection (Tukey's test, q 2,160 ranged from 4.93 to 51.50, p < 0.001). Herbivore biomass inside reserves compared to fished sites was on average 1.4, 4.8 and 8.1 times higher at 0.5 to 4, 5 to 7 and 8 to 11 yr of protection, respectively (Table 1) . The major families of herbivorous fish that increased in biomass inside reserves with duration of reserve protection were the parrotfishes (Scaridae) and surgeonfishes (Acanthuridae) (Fig. 2c, d ). For these 2 families, the ANOVA also detected significant interactions between biomass and duration of protection (Table 4) . HCI was not a significant predictor of their biomass (ANCOVA; Table 4 ). The inferred rates of recovery over time differed markedly between parrotfish and surgeonfish biomass (Fig. 2b,c) . The inferred recovery of parrotfishes during 11 yr of protection suggested a 'dome-shaped' relationship of biomass with time (Fig. 2c ). This was best described by a Ricker model with a maximum biomass of about 13 kg per 500 m 2 achieved at 7 to 8 yr of reserve protection. However, inferred recovery of parrotfish biomass in the first 5 yr of protection was rapid and conformed to an exponential model (Fig. 2c) . The inferred accumulation of surgeonfish biomass, on the other hand, was best described by an exponential model, with recovery slow in the first 7 yr of reserve protection, but considerably more rapid in subsequent years (Fig. 2d) . Parrotfish and surgeonfish biomass at fished sites plotted against 'duration of reserve protection' (i.e. fished sites paired with adjacent reserves) did not exhibit any significant trends.
Species richness of herbivorous fish inside reserves did not have a statistically significant relationship with duration of protection (Table 3) . However, species richness in reserves was often higher than in fished sites, especially in older reserves (Fig. 3a) . Biomass of herbivorous fish in reserves 0.5 to 6 yr old was dominated by parrotfishes, while reserves older than 6 yr tended to have a more varied familial composition or was dominated by surgeonfishes (Fig. 3b) . Since all of the parrotfishes were classified as scrapers or excavators, these functional groups dominated younger reserves (Fig. 3c ). Grazers and browsers, which were mainly the surgeonfishes and minor groups (i.e. rabbitfishes, rudderfishes and batfishes) made up a significant portion of the herbivore biomass of older reserves.
PCA plots of biomass of herbivorous fish also inferred a change from a parrotfish-dominated to a surgeonfish-dominated herbivore community with increasing age of reserves (Fig. 4, Table 5 ). The ordinations of biomass of family or functional group indicated that fished sites were difficult to distinguish from younger reserves (0.5 to 4 yr), but were clearly differentiated from intermediate (5 to 7 yr) and older (8 to 11 yr) reserves. Reserves of intermediate age had a higher biomass of parrotfish than fished sites and younger reserves (Fig. 4a) . Older reserves were different from all other sites by the presence of higher surgeonfish biomass (Fig. 4a) . Rabbitfish, rudderfish and batfish biomass had a marginal influence in distinguishing reserves from fished sites in the biplots ( scrapers and excavators (all parrotfishes), while older reserves formed a distinct group due to the higher biomass of grazers and browsers (mostly surgeonfishes) (Fig. 4b) . The modal size class of parrotfishes at fished sites was identical to that in younger reserves (11 to 15 cm TL), but smaller compared to that in intermediate and older reserves (both 26 to 30 cm TL) (Fig. 5) . In contrast to intermediate and older reserves, no parrotfishes > 35 cm TL were found at fished sites and younger reserves. Modal size class of the larger-bodied species of surgeonfish (Acanthurus spp. and Naso spp.) in Table 5 younger reserves was slightly larger than that in fished sites (16 to 20 vs. 11 to 15 cm TL), but was identical to that in reserves of intermediate age (Fig. 5) . Older reserves had the largest modal size class for the largerbodied surgeonfishes (26 to 30 cm TL). Only the older reserves had surgeonfishes that were > 35 cm TL. Modal size class of the smaller-bodied surgeonfish species (Zebrasoma spp.) were the same among fished sites and reserves of all age groups (11 to 15 cm TL). Macroalgal cover inside reserves had a strong negative relationship with duration of reserve protection (Fig. 6a) . The trend inferred a 13-fold reduction in macroalgal cover from a maximum of 13.5% to negligible levels (<1% cover) 11 yr after reserve establishment. This relationship conformed to a logarithmic model, suggesting a more rapid rate of decline of macroalgal cover in the first 5 yr following reserve establishment. The inferred decline of macroalgae with increasing duration of protection was evident on both the reef flat and the reef slope of reserves, but was more rapid on the reef flat (logarithmic, r 2 = 0.72) than on the reef slope (linear, r 2 = 0.41) ( Table 3 ). In contrast, macroalgal cover in fished sites did not show any significant trends (Fig. 6a) . A significant interaction was detected between protection status and duration of protection for macroalgal cover (ANOVA; Table 4 ). Macroalgal cover in reserves relative to fished sites was on average 1.7, 6.3 and 25.1 times lower at 0.5 to 4, 5 to 7, and 8 to 11 yr of protection, respectively (Table 1) . Macroalgal cover plotted against herbivore biomass at all sites (reserve and fished) showed a negative trend that conformed to a logarithmic model (Table 3 , Fig. 6b ). There was no significant relationship between hard coral cover in reserves and duration of reserve protection (Fig.  6c) . The relationship between hard coral cover and herbivore biomass at all sites was not significant (Fig. 6d ). There were no significant relationships between percent cover of other benthic components in reserves (i.e. soft corals, crustose coralline algae and sponges) and duration of reserve protection, except for the variate 'hard substrate'. Although percent cover of hard substrate in reserves showed no significant trends throughout 11 yr of protection, a significant increasing trend was detected for this variate in the first 5 yr of protection. This trend was best described by a logarithmic function (Fig. 6e) .
DISCUSSION
Protection provided by Philippine no-take marine reserves has been inferred to result in relatively rapid (within 5 yr) reductions of macroalgae on reefs, due to recovery of exploited populations of larger-bodied herbivorous fishes. Results did not suggest an increase in coral cover given the 'decline' in macroalgal cover with reserve protection. These patterns were inferred by comparing between reserves of different ages with fished sites. We concede that this approach is inferior to before-after-control-impact-pair (BACIP) investigations of the effects of marine reserves, particularly BACIP studies that monitor over long-time periods , Edgar et al. 2004 , Russ et al. 2005 . The approach we used can be problematic if habitat differences between reserve and fished sites, and lack of knowledge of poaching histories of reserves, confound the effect of reserve protection on fish abundance and benthic cover , Edgar et al. 2004 , Russ et al. 2005 . However, we accounted for the potential confounding effect of habitat, specifically reef rugosity and coral cover, 2 of the most important habitat variables that can influence fish abundance on coral reefs strongly. Our analyses showed that benthic habitat was not a significant predictor of biomass of herbivorous fish. Therefore, the inferred increase in density and biomass of herbivorous fish populations was likely to be a direct effect of reserve protection, while the inferred reduction of macroalgae was likely to be an indirect effect of increased herbivore biomass. Differences in larval supply of fish among sites may also confound the effect of reserve protection on the abundance of herbivorous fishes. Furthermore, differences among sites in exposure to nutrients (e.g. from agricultural runoff, sewage outfall) may confound the indirect effect of reserve protection on macroalgal cover. For either or both of these factors to confound the results, the youngest reserves would, on average, have to be in areas with low levels of larval supply and be exposed to high levels of nutrients, and the oldest reserves would, on average, be subject to the opposite conditions. This is very unlikely in the present study. The majority (11 out of 15) of the reserves were 'paired' with nearby control sites (most controls < 500 m from reserves, 7 controls < 2 km from reserves). Patterns of abundance of herbivorous fishes and macroalgae in the reserves usually contrasted with those found at nearby control sites. In addition, many of the reserves are situated very close to one another, and neighbouring reserves sometimes differed substantially in DOP (e.g. Reserves 1, 2, 6, 10, 12, 14 in Fig. 1 ranged from 0.5 to 10 yr of protection; see Table 1 ). For larval supply and nutrient levels to confound the results, both factors would need to vary in a predictable manner according to reserve age over relatively short distances. Preliminary larval dispersal modelling and empirical monitoring of fish recruitment at the relevant spatial scales suggest that this is unlikely (Abesamis et al. unpubl. data) . Furthermore, there are no point sources of nutrients (e.g. rivermouths, creeks, densely populated areas) along the stretches of coast occupied by neighbouring reserves that may affect only the younger reserves. Based on our own observations and experience, the more likely possibility is that neighbouring reserves along the same stretch of coast experience similar levels of nutrient exposure, especially during the wet season.
Recovery of exploited reef fish populations after significant durations of protection has been demonstrated by many studies (see reviews by Roberts & Hawkins 2000 , Halpern 2003 , Sale et al. 2005 . However, few studies have shown that recovery of herbivorous fish inside no-take reserves can lead to reduction of macroalgae. Studies have demonstrated that herbivore (fish and/or urchin) biomass was negatively correlated with macroalgal cover in both protected and fished sites (McClanahan et al. 2001 , Williams & Polunin 2001 , Newman et al. 2006 . Mumby et al. (2006) found that higher densities of large parrotfishes in a marine park in the Bahamas (18 yr of reserve protection) were associated with grazing being twice as high in reserve than in fished sites, which, in turn, was associated with a 4-fold lower macroalgal cover in the reserve. This lower cover of macroalgae did not affect overall coral cover or community structure (Mumby et al. 2007 ). However, Mumby et al. (2007) detected a 2-fold higher density of coral recruits in the marine park. They argued that the complexities of coral community dynamics probably masked any influence of grazing by herbivores on coral cover and community structure. In the context of our study, no significant relationship of coral cover with duration of reserve protection or with herbivore biomass was observed. This lack of a relationship may be explained in part by the relatively limited range of years of protection (0.5 to 11 yr). Similarly, Newman et al. (2006) did not find any evidence for coral recovery with increased herbivore biomass, which they attributed to the greater generation times of corals compared to fish and algae. An alternative interpretation is that no-take reserve protection in our sites has a relatively weak effect on coral Smaller-bodied surgeonfishes (Zebrasoma spp.) were distinguished from larger-bodied surgeonfishes (Acanthurus and Naso spp.), which are denoted by light and dark columns, respectively. Modal size class: parrotfishes and larger surgeonfishes; small surgeonfishes. DOP: duration of protection cover, since even on reefs with heavy fishing pressure, coral cover was still relatively high. Hard coral cover was consistently between 25 and 50% in most reserves and fished sites (Fig. 6d) , indicating that the reefs studied were not in the most degraded state (< 25% coral cover) according to the classification of Philippine reefs by Licuanan & Gomez (2000) . On the other hand, the highest density of municipal fishers occurs in the central Philippine islands (Alcala & Russ 2002) , where our study took place, and our study reefs were all coastal, usually near fishing villages.
Biomass of herbivorous fishes inside the reserves in the present study was dominated by parrotfishes (Scaridae) and surgeonfishes (Acanthuridae). The inferred recovery rates of the 2 families were very different. A Ricker model fitted to the parrotfish data suggested an initial increase in biomass up to the 7th to 8th year of protection, followed by a gradual decline. In the first 5 yr of protection, however, a strong exponential relationship between parrotfish biomass and duration of protection was detected. In contrast, surgeonfish recovery was exponential throughout 11 yr of 12 Fig. 6 . Plots of mean percent cover of major benthic habitat components versus (a,c,e) duration of reserve protection (DOP) or (b,d) biomass of herbivorous fish (HB). Percent cover of hard substrate is the sum of percent cover bare rock and dead coral. Data from 15 no-take reserves of varying age (0.5 to 11 yr) and 15 fished sites. d: reserves; s: fished sites. Significant trends were found only in reserves and only in plots of macroalgal cover versus DOP, macroalgal cover versus HB and hard substrate cover versus DOP (0.5 to 5 yr only). Significant trends were best described by a logarithmic model (***p < 0.001). Non-significant trends are indicated by fitting a linear model (p > 0.05) protection, showing a rapid increase in biomass only after the 7th year (Fig. 2) . The inferred recovery patterns of these 2 families were similar to the results of a study by McClanahan et al. (2007) in Kenya that included reserves that were much larger (6 to 28 km 2 ) and much older (up to 37 yr of protection) than the small reserves that we studied (0.06 to 0.30 km 2 ). In the Kenyan reserves, the rate of recovery of parrotfish biomass began to slow down after 10 to 12 yr (McClanahan et al. 2007 ). Our study, as well as that of McClanahan et al., inferred that parrotfish populations can attain carrying capacity after a relatively short period (7 to 12 yr) of reserve protection. Inferences from the present study are also consistent with time-series data collected by Samoilys et al. (2007) in newly established marine reserves in the central Philippines. They detected a rapid increase in parrotfish density within the first 3 to 4 yr of protection. The more rapid increase in biomass of parrotfish than surgeonfish in the present study is likely a result of contrasting life history traits , McClanahan et al. 2007 ). Parrotfish generally have shorter lifespans, faster growth and generally faster population turnover rates than surgeonfish , Choat & Robertson 2002 . This explanation is also supported by the results of the sizefrequency distribution analysis. Parrotfishes were inferred to attain a maximum modal size class sooner (within 7 yr) than the surgeonfishes after protection from fishing (Fig. 5) . The inferred exponential increase in surgeonfish biomass with duration of reserve protection of up to 11 yr is similar to that measured over time for biomass of large predatory reef fishes in small Philippine reserves (Russ & Alcala 2003 . Biomass of predatory reef fishes increased exponentially for periods of 9 to 18 yr of no-take reserve protection at Sumilon and Apo Islands (Russ & Alcala 2003 .
The only group of herbivorous fish that showed an inferred rapid increase in biomass within the first 5 to 7 yr of reserve protection was the parrotfishes. This increase coincided with the greatest inferred rates of decline of macroalgae. Thus, it is very likely that parrotfishes were largely responsible for reducing macroalgae during the initial years of reserve protection. The parrotfish abundance could have increased through recruitment or migration from fished sites. The former is more likely for 2 reasons. (1) Parrotfish numbers in fished sites were very low due to fishing pressure (see Table 1 ), so that fished sites were poor sources of migrants into reserves. (2) The increase in modal size in reserves with time (Fig. 5) is consistent with recruitment and subsequent growth of fishes.
Proper temporal monitoring would likely have given us greater insight into mechanisms of interaction between herbivores and macroalgae, particularly the mechanism by which increased abundance of parrotfishes result in fewer macroalgae (since we presumably would have observed the nature of the interaction over time). Parrotfish do not normally ingest thalli of macrophytic algae (Bellwood & Choat 1990) , so the inferred decline in macroalgae in reserves is not likely to be due to a simple process of 'herbivores cropping down macroalgae'. Many macroalgae on coral reefs are ephemeral, sloughing seasonally (e.g. Sargassum). It is possible that feeding by parrotfish has 2 effects: (1) keeps short bases of macroalgae (bases remain after the main thallus sloughs seasonally) cropped down, preventing development of large thalli, and (2) reduces recruitment of macroalgae due to incidental ingestion of macroalgal recruits. Seasonal sloughing of macroalgae, plus the 2 cropping mechanisms above, could lead to a fairly rapid reduction of macroalgal cover in reserves as parrotfish populations recover. This is supported by the finding that only hard substrate (among the remaining benthic components) was inferred to have increased with duration of reserve protection (Fig. 6e) . We assume here that percent cover of hard substrate accurately represents the amount of habitat uncolonised by macroalgae (or corals). The inferred increase in hard substrate cover occurred during the initial years of reserve protection, and thus at the same time as the inferred declines in macroalgal cover (Fig. 6a,e) .
No-take marine reserves may not always prevent a shift from coral to algal dominance following mass mortality of corals. For instance, herbivorous fish populations may not necessarily increase in abundance inside reserves as much as reduced fishing mortality on them would predict, due to trophic interactions between herbivores and their potential predators (Graham et al. 2003 , Mumby et al. 2006 , McClanahan et al. 2007 ). Trophic interactions may not have been strong enough to slow down or prevent recovery of herbivores (parrotfishes) for at least 2 reasons. (1) Both the herbivores and their potential predators (e.g. groupers and snappers) are usually fished down prior to reserve establishment in the areas we studied. (2) Recovery rates of the herbivores (inferred from the present study) are more rapid than those of large predators (Russ & Alcala 1998a , b, 2003 . Also, herbivores may only be capable of maintaining a limited amount of benthic space in a cropped state (Mumby 2006 , Williams & Polunin 2001 , and therefore space occupied by corals and other sessile invertebrates is also a critical factor.
The history and severity of disturbance, as well as the history of reserve protection, need to be taken into consideration when evaluating the efficacy of reserves in promoting reef resilience. In the present study, the main chronic disturbance was intense fishing (before reserve establishment) spanning decades (Carpenter 1977 , McManus 1997 , Russ & Alcala 1998a , Alcala & Russ 2002 ). The main acute disturbance was probably coral bleaching in 1998, but we have no specific information on the extent of coral bleaching and mortality at our study sites. There were, however, reports of 'medium' to 'severe' bleaching in the region (Arceo et al. 2001 , Raymundo & Maypa 2002 . In addition, most of the no-take reserves we studied were established after 1998 (11 of 15 reserves). It is also possible that bleaching may not have been severe in our study sites, as indicated by relatively high coral cover (18 to 67% in reserves, 6 to 54% in fished sites) and low macroalgal cover (10 to 13% in reserves ≤1 yr old, 3 to 26% in fished sites) 8 to 10 yr after the 1998 El Niño-Southern Oscillation event. Hence, surviving corals may also have been critical in preventing macroalgal dominance, simply through space occupation and through facilitating herbivory by providing sufficient recruitment and juvenile habitat for herbivorous fishes. Results suggest that reserves can facilitate reef resilience in the face of the combined effects of overfishing and bleaching.
In conclusion, the results of the present study support the notion that no-take marine reserves can enhance coral reef resilience by allowing recovery of functionally important populations of herbivorous fishes. We showed indirect evidence for parrotfishes recovering rapidly and reducing macroalgal cover within 5 yr of reserve protection and that this suppression of macroalgae continued in the later years of reserve protection. In contrast, the inferred relationships between hard coral cover and the duration of reserve protection and hard coral cover and herbivore biomass were non-significant. Even in the fished sites, coral cover (mostly > 25%) was much higher than macroalgal cover (mostly <15%). Thus, there was no evidence that the current levels of fishing of herbivores on these reefs has led to 'benthic phase shifts' (changes from coral to macroalgal dominance). Competitive interactions between algae and corals when herbivores are heavily fished may not necessarily result in corals losing out to algae (McCook et al. 2001) . Such outcomes are likely site-, species-and time-specific (McCook et al. 2001) . The results of the present study do, however, highlight the critical role of key groups of herbivorous fishes and the need to conserve these groups not only within reserves but also beyond reserve boundaries through conventional fisheries management. Implementing fisheries management in developing countries is undoubtedly a big challenge, but nevertheless necessary. No-take marine reserves, although apparently effective, are currently being established at a rate that is insufficient to protect ecologically significant proportions of reef area to reverse the trend of coral reef degradation. 
